Abstract: Abandoned mine lands continue to serve as non-point sources of acid and metal contamination to water bodies long after mining operations have ended. Although soils formed from abandoned mine spoil can support forest vegetation, as observed throughout the Appalachian coal basin, the effects of vegetation on metal cycling in these regions remain poorly characterized. Iron (Fe) and manganese (Mn) biogeochemistry were examined at a former coal mine where deciduous trees grow on mine spoil deposited nearly a century ago. Forest vegetation growing on mine spoil effectively removed dissolved Mn from pore water; however, mineral weathering at a reaction front below the rooting zone resulted in high quantities of leached Mn. Iron was taken up in relatively low quantities by vegetation but was more readily mobilized by dissolved organic carbon produced in the surface soil. Dissolved Fe was low below the reaction front, suggesting that iron oxyhydroxide precipitation retains Fe within the system. These results indicate that mine spoil continues to produce Mn contamination, but vegetation can accumulate Mn and mitigate its leaching from shallow soils, potentially also decreasing Mn leaching from deeper soils by reducing infiltration. Vegetation had less impact on Fe mobility, which was retained as Fe oxides following oxidative weathering.
Introduction
Abandoned mine lands (AML) resulting from unreclaimed coal extraction persist throughout the Appalachian region of the United States [1] . Over six million acres that were mined for coal prior to the passage of the Surface Mining Control and Reclamation Act in 1977 remain degraded and would cost an estimated $9.6 billion to remediate [2, 3] . Acid mine drainage (AMD) resulting from coal mining has released acid and metals from mined rock into streams, which has impaired drinking water sources and left many waterways devoid of aquatic life [4, 5] . Although billions of dollars have been spent to seal AMD-producing mines and treat AMD-impacted streams, piles of mine waste left on the landscape pose ongoing hazards to human and environmental health [6, 7] .
Mine spoil-the physically processed overburden and waste rock discarded after resource extraction-can serve as a non-point source of pollution that continues to contaminate water bodies, even after point sources are treated [8] . Over 100,000 acres of spoil persist in AMLs of the United States alone [3] . Spoil piles contain residual sulfide minerals that weather as they interact with rain water and oxygen gas. Pyrite (FeS 2 ) is the mineral that is typically associated with AMD generation, because it is often abundant in coal (1-20% wt. pyrite) [9, 10] , and undergoes oxidative dissolution reactions at the Earth's surface to produce aqueous Fe 2+ , sulfate, and acid [8, 11] . Ferrous iron is subsequently oxidized to Fe 3+ and hydrolyzed to form Fe oxyhydroxides that are characteristic of AMD-impacted streams. High Fe 3+ concentrations can also catalyze additional pyrite oxidation independent of oxygen gas [12, 13] .
Pyrite weathering can solubilize many other metal(loid)s, e.g., Mn, Pb, Cu, As, Ni, Zn, Cr, and Al, both by releasing pyrite-associated trace elements and by accelerating the acid dissolution of other soil minerals [5, 7, 14] . Dissolved Mn in particular is often present in high concentrations in mine drainage [15] , and can require aerated bioreactors to remove from contaminated streams [16] . Metal leaching from mine spoil subsequent to mineral weathering depends on factors that influence metal solubility. For example, the presence of calcium carbonates within mine spoil can wholly or partially neutralize the acidity produced from sulfide oxidation, increasing pH and promoting the formation of metal oxides that sequester trace metal(loid)s [5, 14, 17] . Whereas dissolved Fe that is released from pyrite dissolution readily precipitates as iron oxyhydroxides in oxidizing conditions, dissolved Mn 2+ may persist in solution due to its stability in acidic and circumneutral solutions [18] .
Revegetation is a reclamation technique that is used to mitigate metal transport from soils developed on mine spoil by stabilizing soils against erosion, reducing water infiltration, and storing toxic metals in plant biomass [19, 20] . However, plants are also well-known to accelerate weathering reactions by releasing molecules such as organic acids into soil solution [21] [22] [23] [24] . Low molecular mass organic acids can increase metal solubility by accelerating reductive and/or ligand-promoted dissolution or the desorption of metal ions from soil minerals [25] [26] [27] . Plant-induced increases in metal solubility have the potential to increase metal leaching from mine spoil, but could also slow element loss from soils due to biocycling, i.e., plant uptake and storage [28] [29] [30] [31] . In order to determine whether restoration efforts will be successful, it is necessary to quantify metal loadings leached from refuse piles and evaluate how effectively vegetation sequesters metals within mine soils.
The objective of this study was to evaluate the processes that enhance or mitigate metal leaching from forested coal mine spoil in the Appalachian coal region. In particular, we examined the biogeochemical cycling of AMD-contaminants Fe and Mn in order to assess how soil processes contribute to non-point source pollution in abandoned mine lands. We explored the hypothesis that forest vegetation would mitigate metal leaching by reducing infiltration and storing metals in biomass. Geochemical and spectroscopic analyses of soil and soil water were used to characterize element transformation and translocation during the weathering of mine spoil. A mass balance model was used to quantify internal biological cycling (i.e., plant uptake and litterfall) of elements relative to element loss in soil leachate.
Materials and Methods

Site Description
This research was conducted in sub-watershed HR25 of the Huff Run Watershed (31.9 km 2 ), which is located in the unglaciated portion of the Allegheny Plateau region of northeastern Ohio (Figure 1 ). Local lithology consists of Pennsylvanian sandstones and siltstones interbedded with claystone, limestone, and coal [32] . The Huff Run (15.9 km) flows southwest through Carroll and Tuscarawas Counties before joining the Conotton Creek near Mineral City, Ohio (OH). The lower two-thirds of the watershed were mined for coal and other resources starting in the early 1800s, with the majority of deep mining occurring between 1850-1930 [33] . Acid mine drainage (AMD) from abandoned coal operations has impaired the Huff Run and many of its tributaries and is the focus of current reclamation efforts [34] . 
Weather Data and Evapotranspiration Calculations
Average annual evapotranspiration (L m −2 y −1 ) was calculated at the scale of the Huff Run watershed as the difference between total precipitation and discharge for each year from 1998 to 2015. Precipitation records were obtained from National Trends Network site OH71 located 32 miles northwest of Mineral City, OH [35] . Reported precipitation (cm y −1 ) was converted to an annual volume per square land area (L m −2 y −1 ). Discharge (ft 3 s −1 ) that was reported at the United States Geological Survey (USGS) site 03121850 monitoring station from 1998 until April 2015 [36] was also converted to an annual volume normalized to the drainage area (L m −2 y −1 ).
Evapotranspiration was also estimated by the Penman-Monteith equation using the UC Davis Daily Reference Evapotranspiration Calculation [37] . Weather data (precipitation, wind speed and direction, solar radiation) were recorded at 10-minute intervals by a micrometeorological station and EM50 datalogger (Decagon Devices, Inc.) from 1 October 2015 to 30 September 2016 (Table S1) . Precipitation was measured with a tipping bucket rain gauge with 0.2-mm precision (ECRN-High Resolution Rain Gauge, Decagon Devices, Inc.). Precipitation and wind data were compared to weather data collected from a National Oceanic and Atmospheric Administration weather station at Clever Field Airport in New Philadelphia, Ohio (40.7194, -81.4236) located approximately nine miles southwest of the research site (272.8 m elevation). The anemometer in the weather station repeatedly failed to report wind speed; consequently, wind data collected at Clever Field in New Philadelphia (WBAN:04852) were used in evapotranspiration calculations. Precipitation records at Clever Field were used to replace inaccurate precipitation measurements collected at HR25 from June through September 2016. Monthly precipitation records were within 5% similarity on average between HR25 and Clever Field from October 2015 through May 2016 (Table S1 ).
Soil Collection and Analysis
Bulk Characterization
A soil core (HR25-BY1) was collected from the hilltop of the spoil pile during lysimeter installation. The core was excavated with a 2.25-inch (5.7 cm) stainless-steel bucket auger in 10-cm Sub-watershed HR25 (0.44 km 2 ) is located northeast of Mineral City and contains a 0.72-km long tributary that flows through unreclaimed coal mine spoil and receives AMD discharge from an underground coal mine that was abandoned in 1922 [34] . Numerous piles of vegetated mine spoil exist within the catchment. While some piles were capped with clay and seeded with grassy vegetation during reclamation, older piles remain unreclaimed and host forest vegetation that developed after waste emplacement. Additional small piles of mine spoil that are scattered throughout the catchment remain non-vegetated. Our research focuses on one mound of forested, unreclaimed mine spoil (~9 m tall and 26 m wide) that hosts trees but little to no grass or other understory (Figure 1 ).
Weather Data and Evapotranspiration Calculations
Evapotranspiration was also estimated by the Penman-Monteith equation using the UC Davis Daily Reference Evapotranspiration Calculation [37] . Weather data (precipitation, wind speed and direction, solar radiation) were recorded at 10-minute intervals by a micrometeorological station and EM50 datalogger (Decagon Devices, Inc.) from 1 October 2015 to 30 September 2016 (Table S1) (WBAN:04852) were used in evapotranspiration calculations. Precipitation records at Clever Field were used to replace inaccurate precipitation measurements collected at HR25 from June through September 2016. Monthly precipitation records were within 5% similarity on average between HR25 and Clever Field from October 2015 through May 2016 (Table S1 ).
Soil Collection and Analysis
Bulk Characterization
A soil core (HR25-BY1) was collected from the hilltop of the spoil pile during lysimeter installation. The core was excavated with a 2.25-inch (5.7 cm) stainless-steel bucket auger in 10-cm increments to 140-cm maximum depth. Leaf litter was removed from the land surface before the soil cores were collected, and no organic horizon was present. Collected bulk soils were air dried at room temperature in the laboratory. The dried soils were split into representative subsamples using a Riffle-type sample splitter. Each subsample was ground into a fine powder by first breaking down large rock fragments with a mortar and pestle, and then pulverizing all of the material into silt-sized particles in a Spex 8000 ball mill with tungsten carbide vials. Another unground subsample was sieved to <1 mm for particle size analysis.
Particle size analysis was completed on the <1 mm soil fraction using a Malvern Instruments Mastersizer 2000 with a Hydro 2000 MU pump accessory. Small scoops of soil were mixed with 1 L of deionized water, sonicated for 60 seconds, and pumped into the Mastersizer 2000. The relative abundance of clay-sized (<2.1 µm), silt-sized (2.1 to 67 µm), and sand-sized (67 to 1891 µm) particles were calculated as the sum of all the particles within the indicated bin size, which were set by the instrument parameters. Standard deviation was determined from the triplicate analysis of each soil.
Soil pH was measured on powdered soils mixed with either ultrapure water (pH w ) or 1 mol L −1 KCl (pH KCl ) in a 1:5 soil to solution mass ratio. Approximately four grams of powdered soil were mixed with 20 ml of solution in a 50-mL centrifuge tube, vortexed to mix, and then agitated for 10 minutes. Larger soil particles were allowed to settle out of solution (~10 minutes). The pH of the supernatant solution was measured with a benchtop Orion electrode pH meter calibrated with 7.00 and 4.01 pH standards at 25 • C. Specific conductance (µS cm −1 ) of the supernatant solution was also measured for soils mixed with ultrapure deionized water. Loss-on-ignition (LOI) was performed to estimate soil organic content. Approximately one gram of ground soil was combusted in a muffle furnace at 550 • C for four hours. LOI 550 (% wt.) was calculated as the mass loss during combustion. Soils combusted at 550 • C were subsequently combusted at 950 • C, and loss-on-ignition at 950 • C (LOI 950 ; % wt.) was reported as the total mass loss at 550
The sequential extraction protocol reported by Tessier et al. (1979) [38] was used to extract exchangeable, acid-soluble, reducible, and oxidizable Al, Ca, Fe, K, Mn, and P from soil. To obtain the exchangeable fraction, ground soil (~1 g) was mixed with 20 mL of 1 mol L −1 magnesium chloride solution (pH 7) in a 50-ml metal-free centrifuge tube. Samples were vortexed to mix and secured to an end-over-end rotator for five hours of continuous agitation. The slurries were then centrifuged at 4000 × g for 20 minutes to pelletize the soil particles. The supernatant was filtered (0.2-µm nylon filter) into a clean 50-mL centrifuge tube and acidified with one to two drops of concentrated ultrapure nitric acid (HNO 3 ). The soil pellet was rinsed with 10 mL of ultrapure deionized water, vortexed, and centrifuged for 20 minutes. The rinse was filtered and added to the extract solution. Next, the acid-soluble fraction was extracted with 20 mL of 1 mol L −1 sodium acetate solution buffered to pH 4.75 with concentrated ultrapure glacial acetic acid. Slurries were mixed at room temperature for five hours, and then centrifuged, filtered, and rinsed. The reducible fraction was extracted with 20 mL of 0.04 mol L −1 hydroxylamine hydrochloride (NH 2 OH·HCl) in 25% acetic acid. Slurries were heated at 96 • C for six hours and periodically agitated, then centrifuged, filtered, and rinsed. The oxidizable fraction was extracted at 85 • C for three hours with three ml of 0.02 mol L −1 HNO 3 and five mL of 30% Soil Syst. 2019, 3, 13 5 of 19 H 2 O 2 acidified to pH 2 with ultrapure HNO 3 . Then, 3.4 mol L −1 of ammonia acetate was added, and the samples were continuously agitated at room temperature for an additional 30 minutes. The slurry was centrifuged, filtered, and rinsed as described previously.
All of the solutions were stored at 4 • C prior to analysis by inductively coupled plasma optical emission spectrophotometry (ICP-OES; Optima 8000). Element concentrations in extract solutions were quantified using calibration standards that were prepared in matrix solutions. All of the calibration standards were analyzed in duplicate or triplicate. Blanks were analyzed to ensure minimal contamination from the extract solution, which was defined as values either below detection or two orders of magnitude lower than in a sample extract. Element concentrations in the residual silicate fraction were determined as the difference between the bulk geochemical composition (measured by x-ray fluorescence) and the sum of the extractions. Soil concentrations were normalized to dry soil mass.
X-ray Absorption Spectroscopy
X-ray absorption spectroscopy (XAS) measurements were collected at beamline 12-BM at the Advanced Photon Source (Argonne National Laboratory). Powdered soils were packed into a sample holder and sealed with Kapton tape. The incident beam (~500 µm) was generated with a Si(111) monochromator to yield a reported flux of 4 × 10 11 s −1 @ 12 keV. XAS spectra were collected from -50 to +550 eV around the Mn K-edge (E 0 = 6539 eV) in fluorescence mode using a Canberra 13-element Ge detector. Energy calibration, the merging of replicate scans, background subtraction, and normalization were completed in Athena software (Demeter v.0.9.25). All of the spectra were referenced to a zero-valent Fe foil (E0 = 7110.7 eV) [39] . Linear combination fits to normalized µ(E) spectra were performed from -20 to 30 eV around the K-edge using single-valence standards for Mn [40] to determine the average oxidation state. The sum of fitted components equaled 100% in all of the cases except for the 0-10 cm soil, where it equaled 106%; correspondingly, reported components for that soil were normalized to equal 100%.
Water Collection and Analysis
Five suction lysimeters (1900L, Soilmoisture Equipment Corp.) were installed in the spoil pile in June 2015 to depths of 10 cm, 30 cm, 50 cm, 80 cm, and 105 cm. Water collected by negative pressure lysimeters may be considered to be mobile water that infiltrates through the soil profile. Each lysimeter was constructed from polyvinyl chloride pipe and a ceramic porous cup with a maximum pore size of 1.3 µm. To install the lysimeters, the ceramic cups were set in silica slurry poured in the bottom of each excavated hole. The space around each lysimeter was backfilled with the excavated soil, and thin layers of bentonite clay pellets were placed above the silica slurry and at the soil surface to prevent preferential vertical flow. The lysimeters were capped with a rubber stopper fit with neoprene tubing and left undisturbed until pore water sampling began in March 2016.
A negative pressure gradient (-0.5 bars) was applied using a hand pump to draw soil water through the porous cup into the lysimeter. Water was extracted with an acid-washed plastic syringe and tubing that was rinsed with~five mL of sample prior to collection. Soil water was collected from 30 March to 24 May in 2016 and from 1 April to 9 June in 2017. No soil water could be collected from June through the end of autumn due to dry conditions. Rain water (n = 2) was collected in a rain gauge that was installed in an open field on the same hilltop as the weather station.
Unfiltered soil water and rain water were analyzed on site for pH and specific conductance. Remaining water was filtered through 0.2-µm nylon filters and aliquoted into acid-rinsed plastic bottles for cation analysis (acidified with ultrapure nitric acid) and anion analysis, or into acid-rinsed and combusted amber glass vials for dissolved organic carbon analysis (acidified with ultrapure hydrochloric acid). Water was stored at 4 • C prior to analysis. Dissolved cations (Al, Ca, Fe, K, Mg, Mn, and P) were analyzed by ICP-OES. Anions (Br − , Cl − , F − , NO 3 − , SO 4 2− , and PO 4 3− ) were measured on a ThermoScientific Dionex ICS-2100 using 30 mmol L −1 potassium hydroxide eluent. Dissolved organic carbon (DOC) was measured by the combustion method on a Shimadzu TOC-L analyzer.
Vegetation Collection and Analysis
All of the trees growing on the spoil pile were tagged and identified (Table S2 ). Diameter at breast height (DBH, cm) was measured at 1.3 m with a DBH measuring tape (Forestry Suppliers, Inc.). Leaf biomass was calculated as a function of DBH using a reported allometric equation [41] . Green leaves were sampled throughout the growing season from trees growing on the spoil pile. The green leaves were collected by using a pole cutter to snip the highest reachable tree branches in the mid-to-upper canopy. Understory was sparse on the hill and was not included in biomass calculations. Leaf litter samples were collected weekly to biweekly from 3 October to 20 November 2016 from five leaf litter traps installed one meter above the ground surface at the same sites where green leaves were sampled (Table S3 ). Leaf litter traps were constructed from plastic rectangular containers (0.262 m 2 ) with drainage holes drilled in the bottom and plastic mesh lining (1.27 cm × 1.90 cm) secured to the inside of the container with zip-ties.
Green leaves and leaf litter were air-dried in the laboratory. A subsample of the homogenized material was powdered in the ball mill. The high temperature dry oxidation method was used to prepare the plant leaf tissue for the quantitative determination of the concentrations of metals in the green leaves [42] . Precisely 0.5 g of ground material was combusted at 550 • C for four hours, and the ash was dissolved in 10.0 mL of 1.0 mol L −1 HNO 3 solution in a 15-mL falcon tube. Then, three mL of concentrated (~34%) ultrapure hydrogen peroxide (H 2 O 2 ) was added, and the mixture was heated at 85 • C to dissolve the remaining organic matter. Samples were filtered (<0.45 µm) prior to analysis by ICP-OES for Mn, Fe, Al, K, Mg, Ca, and P. A reference standard (NIST SRM 1570a spinach leaves) was also ashed and dissolved in nitric acid following the same procedure.
Mass Balance Model
A mass balance model was used to calculate annual fluxes to and from the system (atmospheric deposition and leaching) and internal cycling between soil and vegetation. Here, the system was defined as the soil core extending from the land surface (0 cm) to the maximum core depth (140 cm), which we take to represent one square meter of surface area for a total volume of 1.40 m 3 . Since we are considering fluxes that occur over short subdecadal timescales, we do not include inputs from bedrock weathering or losses to soil erosion. The mass of each element in the soil core, M i , was calculated as the product of total element concentration (mmol kg −1 ), core depth (m), and soil bulk density (~1500 kg m −3 ).
Atmospheric deposition inputs (A, mmol m −2 y −1 ) were calculated as the product of the concentration of each species (subscript i) measured in precipitation (C i,p , mmol L −1 ) and the volume of precipitation that fell on one square meter of land surface each year (V p , L m −2 y −1 ):
Mass loss from the soil in chemical weathering (W i , mmol m −2 y −1 ) was calculated as the product of the concentration of each species i measured in soil water at 105-cm depth (C i,w , mmol L −1 ) and the volume of water that drained through the soil profile each year (V d , L m −2 y −1 ):
Here, V d (430 ± 160 L m −2 y −1 ) was determined from discharge recorded in the Huff Run at Mineral City (USGS site 03121850), which comprised 44.9% ± 11.9% of annual precipitation for the period of record between 1998-2015. Annual precipitation averaged 95.1 ± 13.5 cm y −1 , as measured at the National Atmospheric Deposition Program (NADP) site OH71. An independent value for V d was also calculated as the difference between V p and the volume of water lost to the atmosphere through evapotranspiration (V ET , L m −2 y −1 ), which was calculated using the Penman-Monteith model. The models that were used to calculate ET produced V d values less than watershed-scale V d , and two out of three models produced values exceeding annual precipitation; therefore, we use the V d value determined as the watershed-scale as an upper bound on the volume of water infiltrating the soil profile. The lower bound on W i for each element would then be zero in a scenario where all of the precipitation was lost to evapotranspiration, and none could infiltrate; however, this is unlikely, since water collected in the lysimeters below the rooting zone during periods of the year.
Low infiltration values that were obtained using the Penman-Monteith calculation indicated that ET reduced infiltration through the spoil. Element cycling out of and into the system occurred each year through uptake by vegetation and subsequent litterfall. Uptake by vegetation (U i , mmol m −2 y −1 ) was calculated as the product of the concentration of each species i measured in green foliage (C i,f , mmol kg −1 ) and the area-normalized mass of foliage on the hill (m f , kg m −2 ):
Foliar mass was determined using an allometric equation that derives leaf mass for each tree from the diameter at breast height [41] . Element return to the soil in litterfall (L i , mmol m −2 y −1 ) was calculated as the product of the concentration of each species i measured in leaf litter (C i,l , mmol kg −1 ) and the total area-normalized mass of leaf litter that collected in littertraps over the autumn (m l , kg m −2 ):
Uptake and litterfall calculations assume that elements are delivered from pore water to the leaves each year and subsequently deposited back to the soil in leaf litter with relatively low retention in the standing biomass. Although Mn and Ca are preferentially translocated into foliage and are not reabsorbed during senescence [43, 44] , non-negligible quantities may be stored in woody tissue each year and contribute to longer retention times in standing biomass.
Results
Soil Geochemistry
Soil Properties
Soil geochemistry and physical properties varied with depth in the soil profile, indicating the presence of heterogeneous soil layers ( Figure 2 ). Soil had a silt loam texture at all of the depths that varied by <20% in the proportions of silt-sized and sand-sized fractions. The clay-sized fraction increased with depth and was highest (6.5% ± 0.3%) between 80-90 cm before declining to 5.0% in the deepest soil. Loss-on-ignition at 550 • C ranged from 6.4 to 10.4 wt.% across all of the depths with a pronounced peak of 18.4 wt.% between 100-110 cm. Loss-on-ignition at 950 • C was~2-4 wt.% higher than LOI 550 at all of the depths except between110-130 cm, where it was~7 wt.% higher. Soil was acidic (pH H2O = 5.3 ± 0.1) at the surface, and pH H2O decreased with depth to a minimum pH of 4.1 ± 0.1 between 100-110 cm. Exchangeable acidity was higher but less variable across all of the depths, yielding pH KCl values that decreased from 3.7 near the surface to 3.2 between 100-110 cm.
the Major soil elements exhibited distinct depth profiles that varied both in total concentration (Table 1 ) and in the proportions of different extracted phases ( Figure 3 ; Table S4 ). Averaged across all depths, Si (9750 ± 640 mmol kg −1 ), Al (3340 ± 490 mmol kg −1 ), and K (774 ± 105 mmol kg −1 ) were the most abundant elements, which is consistent with a soil composed of (alumino)silicate minerals. Soil Fe (908 ± 128 mmol kg −1 ) was also high, while base cations Mg (275 ± 35 mmol kg −1 ), Na (145 ± 50 mmol kg −1 ), and Ca (< DL) were relatively low. Titanium concentrations were low (68 ± 6 mmol kg −1 ) and varied little with depth. Soil Mn was distinct from the other major elements in that it was low through the soil profile (<10 mmol kg −1 ) with the exception of a Mn-rich layer between 70-80 cm where concentrations increased to 46 mmol kg −1 . Major soil elements exhibited distinct depth profiles that varied both in total concentration (Table 1 ) and in the proportions of different extracted phases ( Figure 3 ; Table S4 ). Averaged across all depths, Si (9750 ± 640 mmol kg −1 ), Al (3340 ± 490 mmol kg −1 ), and K (774 ± 105 mmol kg −1 ) were the most abundant elements, which is consistent with a soil composed of (alumino)silicate minerals. Soil Fe (908 ± 128 mmol kg −1 ) was also high, while base cations Mg (275 ± 35 mmol kg −1 ), Na (145 ± 50 mmol kg −1 ), and Ca (< DL) were relatively low. Titanium concentrations were low (68 ± 6 mmol kg −1 ) and varied little with depth. Soil Mn was distinct from the other major elements in that it was low through the soil profile (<10 mmol kg −1 ) with the exception of a Mn-rich layer between 70-80 cm where concentrations increased to 46 mmol kg −1 . The mass transfer coefficient, τ i,j , was used to evaluate depth profiles for mobile elements (subscript j) in the weathered soil (subscript w) normalized to an immobile element (i = Ti) and to the parent material (subscript p) [45] [46] [47] :
Here, we assumed that the soil profile weathered from a homogeneous parent material with a composition represented by the deepest sample (130-140 cm), and that variation in τ i,j values derived from weathering processes that occurred after the spoil was deposited. It is also possible that heterogeneous layers of material were sequentially deposited during mining excavation, in which case τ i,j variation would derive at least partially from differences in source material relative to the deepest sample.
The major elements Al, K, Fe, and Mg had similar depth profiles, with small depletions (τ Ti,j <0) occurring in shallow soils, but enrichment (τ Ti,j >0) occurring between 60-90 cm ( Figure 4 ; Table 2 ). This trend was similar to the depth distribution of clay-sized particles (Figure 2 ). In contrast, Si and Na showed enrichment between 30-40 cm, but depletion from 50 to 130 cm. Maximum Na depletion (~70% depleted) was higher than for Si (~30% depleted). Soil Mn was unique, with slight depletion occurring near the surface but strong enrichment below 60 cm, reaching as high as τ Ti,Mn = 6.6 from 70-80 cm. This enrichment occurred in the clay-rich layer that was also slightly enriched in Mg, K, Al, and Fe, but depleted in Na and Si. The mass transfer coefficient, τi,j, was used to evaluate depth profiles for mobile elements (subscript j) in the weathered soil (subscript w) normalized to an immobile element (i = Ti) and to the parent material (subscript p) [45] [46] [47] :
Here, we assumed that the soil profile weathered from a homogeneous parent material with a composition represented by the deepest sample (130-140 cm), and that variation in τi,j values derived from weathering processes that occurred after the spoil was deposited. It is also possible that heterogeneous layers of material were sequentially deposited during mining excavation, in which case τi,j variation would derive at least partially from differences in source material relative to the deepest sample.
The major elements Al, K, Fe, and Mg had similar depth profiles, with small depletions (τTi,j <0) occurring in shallow soils, but enrichment (τTi,j >0) occurring between 60-90 cm (Figure 4 ; Table 1 ). This trend was similar to the depth distribution of clay-sized particles (Figure 2 ). In contrast, Si and Na showed enrichment between 30-40 cm, but depletion from 50 to 130 cm. Maximum Na depletion (~70% depleted) was higher than for Si (~30% depleted). Soil Mn was unique, with slight depletion occurring near the surface but strong enrichment below 60 cm, reaching as high as τTi,Mn = 6.6 from 70-80 cm. This enrichment occurred in the clay-rich layer that was also slightly enriched in Mg, K, Al, and Fe, but depleted in Na and Si. Elements in each panel are grouped by similar patterns. τTi,j <0 indicates element loss relative to the parent material with τTi,j = -1 denoting complete depletion. τTi,j >0 indicates an element addition relative to the parent material. Here, the deepest soil sample was chosen to represent the parent. The depth of the organic-rich soil layer is shown by the horizontal grey bar. Table 2 . Soil mass transfer coefficient, τTi,j (Equation (5)), for the HR25-BY1 soil core.
Depth (cm)
τTi,Na Elements in each panel are grouped by similar patterns. τ Ti,j <0 indicates element loss relative to the parent material with τ Ti,j = -1 denoting complete depletion. τ Ti,j >0 indicates an element addition relative to the parent material. Here, the deepest soil sample was chosen to represent the parent. The depth of the organic-rich soil layer is shown by the horizontal grey bar. Table 2 . Soil mass transfer coefficient, τ Ti,j (Equation (5)), for the HR25-BY1 soil core. (Figure 3) . Shallower, Mn-poor soils contained <50% reducible Mn, while no reducible Mn was detected below 110 cm. Exchangeable Mn concentrations were also highest in the enriched zone but comprised a smaller proportion of total Mn (<10%) than in shallower soils (up to 23%). Oxidizable Mn was only detected in the Mn-rich zone between 70-90 cm, and residual Mn was the primary phase in the deepest soils.
Iron, Al, and K were primarily present in the residual fraction (Table S4) , which is consistent with their occurrence in silicate minerals. Reducible Fe comprised 13.4% ± 2.4% of total Fe and increased slightly with depth, whereas oxidizable Fe was relatively low (3.9% ± 2.5% of total Fe) at all of the depths except the 100-110 cm soil layer (11.2% of total Fe) (Figure 3 ). Exchangeable and acid-soluble Fe comprised <1% of total Fe. Extractable Al decreased slightly with depth and was present mainly in the reducible and oxidizable fractions with smaller quantities of exchangeable and acid-soluble Al. Only small quantities of soil K (<2%) could be extracted, and these were distributed amongst the different fractions with oxidizable K present only below 90 cm.
Soil Ca was low (average sum of extracted phases = 12 ± 12 mmol kg −1 ) and present mainly in the exchangeable fraction with contributions of reducible and oxidizable Ca present at the surface and from 90-110 cm depth. Low concentrations (<3 mmol kg −1 ) of acid-soluble Ca were present at <50 cm and >90-cm depth. Soil P was below detection in most of the soil profile with the exception of oxidizable P in the surface and from 90-110 cm, and <4 mmol kg −1 acid-soluble P below 90 cm. Some major elements were not measured in the extracted fractions due to either their presence in extract solution (Na, Mg) or their low solubility (Si, Ti).
Spectroscopy
X-ray absorption spectroscopy was used to investigate Mn speciation in surface soil (0-10 cm) and in soils spanning the Mn-rich layer (60-70 cm, 70-80 cm, 80-90 cm, 90-100 cm, and 100-110 cm) (Table S5) . A Mn K-edge spectrum from the Mn-rich layer (70-80 cm) was consistent with Mn (IV) oxides such as birnessite (Figure 5a ) and yielded an average Mn oxidation state of +3.66 (Table 3) . Soils above and below the Mn-rich layer contained higher proportions of Mn(II) and Mn(III) species, which was evident by a shift of the µ(E) peak to lower energy and by increasing absorbance in the Mn(II) region (Figure 5a) . Correspondingly, the average Mn oxidation state in these layers ranged from 2.5 to 3.4 (Table 3) . These results are consistent with an abundance of reducible Mn(IV)-oxides in Mn-rich layers, but exchangeable Mn 2+ and Mn(II)-bearing silicates in Mn-poor layers (Figure 3) [48, 49] . 
Soil Water Chemistry
Soil water was circumneutral near the surface but increasingly acidic with depth, reaching pH values as low as 3.2 at 105 cm ( Figure 6 ; Table S6 ). At each depth, pH varied by approximately two units. Iron and DOC were higher in shallow soils than at depth, and dissolved Fe was typically below detection in deeper soils. Dissolved Mn, Al, and Ca concentrations were low above 60 cm, but increased by a factor of three at 105 cm, reaching concentrations as as high as 38 µM, 177 µM, and 3.9 mM, respectively. Sulfate increased slightly with depth and was highly variable, typically < 3.0 mmol L −1 but reaching concentrations as high as 8.3 mmol L −1 . Chloride concentrations (0.13 ± 0.11 mmol L −1 ) were similar across all of the depths, which is consistent with a conservative (non-reactive) behavior. Rain water was below detection for all of the metals (<0.01 µM). 
Vegetation Chemistry
Forty-nine trees with DBHs ranging from 1.6 to 61.2 cm (median = 5.0 cm) were identified growing on the spoil pile (Table S2) . Seventy-five percent of the trees were identified as red maples (Acer rubrum; n = 37). The remaining trees were identified as American elm (Ulmus americana), autumn olive (Elaeagnus umbellata), bitternut hickory (Carya cordiformis), black cherry (Prunus 
Forty-nine trees with DBHs ranging from 1.6 to 61.2 cm (median = 5.0 cm) were identified growing on the spoil pile (Table S2) . Seventy-five percent of the trees were identified as red maples (Acer rubrum; n = 37). The remaining trees were identified as American elm (Ulmus americana), autumn olive (Elaeagnus umbellata), bitternut hickory (Carya cordiformis), black cherry (Prunus serotina), black oak (Quercus velutina), choke cherry (Prunus virginiana), common dogwood (Cornus sanguinea), and sassafrass (n ≤ three each). Foliar biomass that accumulated over the growing season was calculated as 480 g m −2 y −1 averaged over the canopy area ( [41] ; Table S2 ).
Foliar Ca (170 ± 14 mmol kg −1 ) and Fe (0.94 ± 0.09 mmol kg −1 ) were within the normal ranges reported for each element in mature leaf tissue [50] . In contrast, foliar Mn (25 ± 2 mmol kg −1 ) and Al (3.4 ± 1.3 mmol kg −1 ) exceeded standard and/or healthy ranges (0.4 to 5.4 mmol kg −1 for Mn [50] ; 2.4 mmol kg −1 for Al [51] ). Foliar Al may even have been underestimated by as much as~50%, given that Al recovery on ashed and acid-digested NIST-1570a reference material was only 53%. Better recoveries were obtained for Mn and Ca (80-85%).
Leaf litter deposition averaged 8.6 ± 5.3 g m −2 d −1 from 6 October through 10 November, yielding an estimated total deposition of 302 ± 185 g m −2 litter mass during that time (Table S3) . This value was similar to the estimated foliar biomass at our site and to the annual litter deposition reported for a comparable but undisturbed, shale-underlain temperate forest in Pennsylvania (384 g m −2 y −1 ) [29] . It is possible that litter deposition was slightly underpredicted, because no litter was collected in September or late November; however, these early and late dates likely only represent a small portion of collected leaves. Litter may also have moved laterally off the steep hill, resulting in mass transfer from the hilltop downslope. Litter chemistry was similar to green leaf chemistry for Ca (234 ± 129 mmol kg −1 ), Mn (21.9 ± 8.0 mmol kg −1 ), Fe (1.2 ± 0.3 mmol kg −1 ), and Al (1.8 ± 0.8 mmol kg −1 ), indicating negligible change during senescence.
Discussion
Soil and Pore Water Geochemistry
The weathered mine spoil was characterized by physically and geochemically distinct layers that reflect the pedogenic weathering processes following spoil deposition. Notably, a reaction front was observed at approximately 90-cm depth, where soil enriched in weathering products (clays and metal oxides) transitioned to deeper soil enriched in reduced materials (organic matter, metals in oxidizable soil fractions). Between 70-90 cm, clay enrichment was indicated by an increase in clay-sized particles (Figure 2 ), residual Fe and Al, and total Fe, Al, K, and Mg ( Figure 3 ). Metal oxide enrichment was indicated by high concentrations of reducible Mn and Fe (Figure 3) , and Mn K-edge XAS spectra consistent with birnessite ( Figure 5 ). These results indicate the presence of a soil layer where metal oxides and clay particles have accumulated following precipitation and translocation, respectively. Similar subsurface distributions of organic matter, Fe and Mn, were observed in a spoil pile located approximately 20 m from this study site ( Figure S1 ).
An exceptionally organic-rich layer was present at 105 ± 10 cm depth, which is coincident with increased soil acidity, decreased total cation concentrations, and increased concentrations of oxidizable elements (Fe, Ca, K, and P) (Figures 2 and 3) . We infer that this layer is composed of high amounts of organic-rich coal and black shale that contain reduced minerals such as sulfides. The persistence of reduced minerals indicates that pyrite oxidation within these soils continues to produce a non-point source of pollution after nearly a century of weathering. Indeed, sulfide oxidation can also explain the high concentrations of dissolved metals (Mn, Al) and acid within this layer ( Figure 6 ). These metals could be released from the reduced materials (sulfides and organics) during oxidative weathering or dissolved from other minerals such as oxides and aluminosilicates due to the increased acidity. For example, Mn can substitute into pyrite and be mobilized when pyrite dissolves [52, 53] . The organic-rich layer contained increasing proportions of Mn(II) that may in part derive from Mn(II)-bearing pyrite ( Figure 5 ), although the specific phase could not be identified here. Although concentrations of dissolved Mn increased just below the Mn-rich layer, indicating some dissolution and leaching from Mn oxides, they again tripled in the organic-rich layer, suggesting mobilization from a reduced phase contained within this soil ( Figure 6 ). Consequently, the Mn that leached from the soil was derived primarily from the organic-rich layer rather than the Mn-oxide layer. Although Mn-oxides were present in greater abundance than trace sulfide phases, sulfides weather rapidly in the presence of water and oxygen and could disproportionately contribute to high dissolved Mn. Dissolved Al increased linearly with depth from 30 to 105 cm, implicating an aluminosilicate source rather than any minerals that were present strictly within the coal-rich layer ( Figure 6 ). Although sulfate concentrations increased only slightly with depth, it is likely that sulfate concentrations produced by sulfide oxidation were much lower than the sulfate derived from atmospheric deposition and cannot provide a tracer for sulfide oxidation.
The deep, organic-rich layer also had low concentrations of DOC, indicating that the organic material was insoluble and not readily leached into solution, which is consistent with geologic C contained in refractory coal [54] . Dissolved organic C was instead highest in shallow soils where the decomposition of young leaf litter released labile organic molecules into solution ( Figure 6 ). Recent plant-derived organic molecules can be degraded by microorganisms during soil water infiltration or may adsorb to coal particles in the subsurface [55] .
In contrast to Mn, dissolved and exchangeable Fe were generally below detection. Spikes in dissolved Fe occurred only sporadically in shallow soils that were depleted in Fe relative to deep soils ( Figure 6 ). Iron mobility in shallow soils was likely controlled by the formation of organic complexes, e.g., through ligand-promoted and/or the reductive dissolution of iron oxides. High concentrations of DOC in shallow soils may mobilize Fe through these means. Fe complexes may have been translocated downward in the soil where the Fe was released and precipitated as Fe oxides, contributing to subsurface Fe accumulation (Figure 3) . Although the organic-rich layer contained a large fraction of oxidizable Fe, presumably as Fe sulfides, low concentrations of dissolved Fe at depth indicate that any Fe produced by sulfide oxidation also readily precipitated as iron oxides.
The depth trends that were observed for other elements support these interpretations. Non-silicate Al was primarily associated with soil organic matter (oxidizable Al), while lesser amounts were substituted into reducible Fe and Mn oxides. High concentrations of dissolved Al in deep soils were favored by the high soil acidity, and may have derived from either the acid dissolution of silicates or the oxidation of organic-bound Al. Phosphorus was low throughout the profile with the exception of high concentrations of oxidizable P in the surface soil and in the coal-rich layer at depth, representing P contained in soil organic matter and old, refractory organic material, respectively. Low concentrations of acid-soluble P in the deepest soils could represent apatite that has weathered completely out of shallow soils.
Biogeochemical Cycling between Plants and Mine Spoil
Iron and Mn exhibited distinct biogeochemical signatures that reflect the contrasting effects of forest vegetation. Specifically, biocycling by trees influenced Mn cycling to a far greater extent than that observed for Fe. Foliar Mn concentrations were 27× higher than foliar Fe concentrations even though soil Mn concentrations were equal to only~1% of soil Fe (Table 1 and Table S2 ). Thus, trees accumulated large quantities of Mn, but only small amounts of Fe. Shallow soils contained high proportions of exchangeable Mn 2+ that provide a readily bioavailable source (Figures 3 and 5 ) and low concentrations of pore water Mn due to plant uptake ( Figure 6 ). Although biocycling can lead to Mn enrichment in shallow soils [29, 50, 56] , the soil examined here lacked the surface accumulation of organic matter that is needed to reintroduce Mn into the shallow soil. In contrast, forest vegetation accumulated little Fe, but the leaching of leaf litter provided high concentrations of dissolved organic molecules in shallow soils that increased Fe mobility ( Figure 6) . A mass balance model was used to evaluate the biogeochemical cycling of Mn and Fe through forest vegetation relative to inputs to and outputs from the plant-soil system (Table 4 ). The plant uptake of Mn (U Mn = 12 ± 1 mmol m −2 y −1 ) and return to the soil in litterfall (L Mn = 6.6 ± 2.4 mmol m −2 y −1 ) were within the estimated range for Mn leaching from the soil profile via chemical weathering (W Mn <15 ± 7 mmol m −2 y −1 ). Although Fe was~100x more abundant than Mn in the soil, plant uptake (0.45 ± 0.04 mmol m −2 y −1 ) and litterfall (0.36 mmol m −2 y −1 ) fluxes for Fe were two to 20 times lower than for Mn, indicating minimal plant recycling. Iron leaching was negligible (<0.01 mmol m −2 y −1 ), because Fe concentrations in pore water were below detection. Wet atmospheric deposition for both elements was assumed to be zero, because metal concentrations in rain water were below detection. Aluminum and Ca fluxes were evaluated for comparison. Aluminum had low cycling through vegetation (U Al = 1.6 ± 0.6 mmol m −2 y −1 and L Al = 0.55 ± 0.23 mmol m −2 y −1 ), although these values may be underestimated due to the low recovery of Al in leaf digests. Weathering losses of Al were relatively high (W Al = 65 ± 24 mmol m −2 y −1 ) and reflect high Al concentrations in deep, acidic pore waters. Relative to these metals, the major nutrient Ca had high uptake (U Ca = 82 ± 7 mmol m −2 y −1 ) and litterfall fluxes (71 ± 39 mmol m −2 y −1 ). Leaching losses were also high (W Ca = 630 ± 230 mmol m −2 y −1 ) and far exceeded rainfall inputs (A Ca = 4.3 ± 0.7 mmol m −2 y −1 ).
Uptake and weathering fluxes (mmol m −2 y −1 ) were normalized to M i (mol m −2 ), the mass of the element in the soil core, to calculate the fraction of each element present in the soil that was taken up by plants or leached by chemical weathering each year (y −1 ) ( Table 4 ). The annual fractions of soil Mn that were either cycled through vegetation (52 ± 4 × 10 −5 y −1 ) or chemically weathered and leached (67 ± 25 × 10 −5 y −1 ) were orders of magnitude higher than those for Fe (0.02 ± 0.001 × 10 −5 y −1 and <0.02 × 10 −5 , respectively). The fractions of biocycled and weathered Al were also quite small (< 1 × 10 −5 y −1 ), reflecting the high proportion of immobile Al contained in silicate minerals. Greater fractions of Ca were biocycled (340 ± 29 × 10 −5 y −1 ) and leached (2570 ± 954 × 10 −5 y −1 ), reflecting high concentrations of exchangeable Ca.
Forest vegetation growing on spoil effectively accumulated and recycled mobile Mn. Foliar Mn concentrations were approximately five times higher than a reported healthy range [50] and similar to concentrations in deciduous forests growing on comparably acidic soils [57] [58] [59] [60] . Previous studies have demonstrated that vegetation strongly regulates Mn export from watersheds in systems where Mn is readily bioavailable [29, [60] [61] [62] , and vegetation may play a similar role in modulating Mn losses from soils in mining-impacted watersheds. Indeed, Mn uptake rates (12 ± 1 mmol m −2 y −1 ) and the fraction of soil Mn taken up by plants each year (52 ± 4 × 10 −5 y −1 ) were consistent with the values that had been reported for a temperate deciduous forest developed on undisturbed shale (18 ± 4 mmol m −2 y −1 and 75 ± 21 × 10 −5 y −1 , respectively) [29] . However, the fraction of Mn leached from the HR25 soil (67 ± 25 × 10 −5 y −1 upper estimate, or~15 × 10 −5 y −1 lower estimate) far exceeded that in the undisturbed watershed (2.8 ± 0.7 × 10 −5 y −1 ). The higher Mn leaching fluxes at HR25 derived from pockets of readily weatherable Mn-bearing minerals present at one meter depth in the soil), which is likely deeper than the soil layer where the trees would access water and nutrients. Humid temperate forests, and Acer species in particular, rely primarily on shallow soil water (<60 cm depth) rather than deeper soil or groundwater sources [63] . Consequently, although biocycling by forest vegetation can mitigate Mn leaching, its influence is limited to the effective rooting depth.
Conclusions
Vegetated coal mine spoil abandoned nearly a century ago in the Appalachian region contained reduced materials that continued to weather and release metals into solution, potentially contributing to the non-point source contamination of nearby water bodies. Our results indicated that forest vegetation growing on coal spoil influenced metal leaching through multiple processes. First, dissolved organic molecules derived from plant material increased Fe solubility in shallow soils; however, Fe was effectively retained in these well-drained soils via precipitation as iron oxyhydroxides. Second, vegetation partially mitigated Mn leaching by accumulating large quantities of mobile Mn from shallow soils and storing it in foliage. Evapotranspiration may also reduce metal leaching by limiting rain water infiltration through the forested spoil. Circumventing retention by vegetation, high concentrations of dissolved Mn were mobilized in deeper soils, presumably resulting from the oxidative dissolution of reduced materials, and leached from the soil. Although vegetation can partially offset leaching, spoil piles may serve as long-term sources of Mn in mining-impacted systems.
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